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A B S T R A C T   

Urban habitats such as coastal road verges can host a wide range of non-native plant species, 
which can increase urban biodiversity but also have the potential to impact natural ecosystems. 
However, the mechanism through which these novel habitats facilitate alien species establish
ment/invasion in arid coastal systems is not well known. Here, we assessed the potential of 
roadsides and gardens to facilitate the spread of non-native clonal succulent species to coastal 
natural ecosystems. We surveyed urban habitats and rural wetlands located from 18◦S to 23◦S, in 
the coastal fringe of the Atacama Desert in northern Chile. Using generalized mixed linear models 
(GLMMs), we explored the effects of habitat extent and distance to urban sources as the main 
factors contributing to non-native species propagation. Non-native-to-native species spatial as
sociation were also examined. We found the occurrences of Sesuvium portulacastrum were higher 
in roadsides and gardens located from 18◦S to 22◦S, followed by Malephora crocea, Carpobrotus 
edulis and Mesembryanthemum (Aptenia) × vascosilvae. S. portulacastrum, followed by C. edulis and, 
to a lesser extent, M. × vascosilvae, were recorded in urban and rural crypto-wetlands. Increase in 
species occurrences with built habitat perimeter and a linear reduction by distance to urban 
sources were detected. Positive association of S. portulacastrum and M. crocea with the native 
Heliotropium curassavicum was recorded. These results highlight the importance of the coastal 
landscape composition (diversity and extent of habitat types) and configuration (distance from 
built to natural habitats) in the process of non-native plant species’ expansion. Given many 
coastal ecosystems are already damaged by different human-derived impacts, planting non-native 
succulents in urban habitats should be carefully managed to balance the services/disservices they 
provide/provoke to urban and natural habitats.   

1. Introduction 

Urban habitats such as road verges can host a wide range of alien plant species (Forman and Alexander, 1998; Milton et al., 2015; 
Milton and Dean, 2010), but can provide important ecosystem services that contribute to urban biodiversity (Phillips et al., 2020; 
Weber et al., 2014). Especially roadsides are considered important built habitats for species invasions in arid zones (Milton and Dean, 
2010) because different processes such as vehicle traffic, recipient plant community traits, and natural dispersal process, among others, 
may facilitate alien species spread into adjacent remnant habitats (Boscutti et al., 2022; Forman and Alexander, 1998; Haider et al., 
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2018; Lembrechts et al., 2017; McDougall, 2001; Pauchard et al., 2016; Turner et al., 2021; Von Der Lippe and Kowarik, 2007). 
Gardens are also considered important built habitats where supplemental watering, weeding, and fertilization are common and can 
have direct consequences on plant functional diversity within urban zones (Kendal et al., 2012; Padulles Cubino et al., 2021). Thus, it is 
expected that the plant invasion process can be mainly driven by the proportion or extent of urban built habitats (e.g., roadsides, 
gardens: Aikio et al., 2012; Guo et al., 2019; Štajerová et al., 2017) and also by the configuration of the entire landscape (e.g., habitat 
complexity: Boscutti et al., 2022; distance to urban sources: Aikio et al., 2012). However, the mechanism through which these novel 
habitats facilitate exotic species spread into coastal natural habitats, and in arid systems in particular, is not completely clear (Kalwij 
et al., 2008). 

In coastal semi-arid zones, drought-tolerant plant species such as clonal succulents can provide important local services if selected 
for urban greening (e.g. Griffiths and Males, 2017). However, these species could expand rapidly to/from human-constructed habitats, 
especially if they are selected for revegetation in newly constructed road verges in coastal cities. This can be the case for many suc
culent plants of the family Aizoaceae, which have rapid propagation and establishment in a wide range of natural and human-created 
environments, even those with low levels of soil irrigation (e.g. Carpobrotus spp.; Campoy et al., 2018; Fenollosa et al., 2016; Roiloa, 
2019). Some clonal succulent species are competitively dominant and may displace native plants when they propagate to natural 
habitats (e.g. Carpobrotus edulis, Mesembryanthemum crystallinum.; D’Antonio and Mahall, 1991; Pyšek et al., 2004; Vivrette and Muller, 
1977). Then, it is critical to manage urban green spaces that include the planting of non-native clonal succulent forms which could 
modify the local plant community composition (e.g. Pyšek et al., 2020; Simberloff et al., 2013). 

The hyperarid Atacama Desert constitutes an important barrier for plant species dispersal from tropical to temperate latitudes 
because it is characterized by very limited rainfall and extreme temperatures (e.g. Latorre et al., 2005; Ossa et al., 2013). Notwith
standing, the development of human activities (e.g. mining) and urban infrastructure such as roads, railways, and walkways (Cal
derón-Seguel et al., 2021) are increasing the potential for species expansion through this extremely dry biome. Urban infrastructure 
expansion and land reclamation in this system, could transform small patches of remnant habitats (e.g. wetlands) into ‘novel’ (Hobbs 
et al., 2009) or ‘hybrid’ ecosystems (Kowarik, 2018). This may occur by means of invasive species dominance which drive a novel 
community composition (e.g. Schittko et al., 2020, Boscutti et al., 2020). Thus, there is a challenge related to the greening of 
impervious urban zones with non-native species (Gaertner et al., 2017; Milton et al., 2015; Phillips et al., 2020; Weber et al., 2014), and 
the conservation of the ‘wilderness’ of remnant ecosystems (Kowarik, 2018). Despite important recommendations have been made 
regarding the plantation of non-native species in urban areas, and their spread potential to natural habitats (Milton et al., 2015; Milton 
and Dean, 2010; Potgieter et al., 2022), less is known about the planting of non-clonal succulent species and their expansion potential 
into coastal ecosystems. Given it is expected a patchy distribution of natural ‘wet’ ecosystems along the coastal fringe in arid envi
ronments, urban areas may facilitate non-native species spread into natural habitats through a ‘stepping-stone’ model of range 
expansion (e.g., Leidner and Haddad, 2011; Saura et al., 2014). 

At the coastal fringe of the Atacama Desert, many drought-tolerant plant species such as the non-native clonal succulents Sesuvium 
portulacastrum and Carpobrotus edulis have been planted/introduced on coastal roadsides and gardens in subtropical cities in northern 
Chile (~ 18–20◦S). This scenario represents a challenge for the management of urban-built habitats in arid systems in general, and for 

Fig. 1. Schematic representation of the structural-functional configuration of the coastal urban-rural system considered. The intensity of 
the gray-shaded area corresponds to the gradient from the urban center to the periurban area, with a seaport located to the seaward and protruding 
from the city center. A green dotted line envelops the entire region or coastal landscape (e.g., at the scale of 100 km). Fishing villages (gray tri
angles) are located within the limits of the rural zone. Wetlands (green areas) can be present in both rural and urban zones. Estuaries: continuous 
line; Crypto-wetlands: dotted line. Blue arrows represent the predominant coastal winds (big arrow) and currents, and the ‘coastal drift’ (small 
arrows). Gray arrows are coastal roads or inter-city highways. 
Adapted from the ‘flattened-sliced-indented donut’ urban model of Forman (2008). 
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conservation of the still pristine or remnant coastal habitats (e.g., wetlands) in particular. 
The presence of non-native clonal succulent species seems related to the extent of urban habitats where large road verges are 

irrigated and mowed (i.e., grasses) more frequently than smaller ones hosting a large plant cover. Given clonal succulent species may 
propagate via the transport of stolons or ramets (Fenollosa et al., 2016; Roiloa, 2019), urban zones may be a source of effective plant 
dispersion by the sea (Souza-Alonso et al., 2020). 

Here, we investigated the occurrences and spatial patterns of abundance of non-native succulent species planted in coastal urban 
roadsides and gardens, and in natural rural habitats from 18◦S to 23◦S, in the coastal fringe of the Atacama Desert, in northern Chile. 
Despite the diverse habitat types present in this system, no specific management of urban infrastructure expansion related to natural 
remnants has been considered before (e.g. see Pinto et al., 2006). 

The study system characterizes by well-defined city boundaries which commonly expand predominantly alongshore (Fig. 1). 
Natural habitats are represented by small estuaries and crypto-wetlands, which are located in rural areas or are within city boundaries 
(Fig. 1). There is no information, however, about which is the abundance of non-native species in different coastal built and natural 
habitats in this system, and about the facilitative or competitive potential among non-native and native species. In this context, we 
highlight three main questions; what is the effect of roadsides and gardens extent on non-native clonal succulent plant species 
abundance? Is there an expansion from urban to natural rural habitats and across latitudes? What is the degree of spatial overlap 
among non-native clonal succulent species and native plants in urban habitats? 

We hypothesized that the extent of different urban habitat types (composition) and the distance from built to natural habitats 
(spatial configuration) in the coastal landscape (see Fig. 1), could drive the abundance of non-native succulent plant species at urban 
zones (persistence potential) and in natural habitats at rural zones (spread potential), respectively. In general, urban built habitats 
cover can be a key factor in increasing invasive species abundance (e.g., Boscutti et al., 2022; Guo et al., 2019). Thus, the presence of 
non-native succulent species is expected to increase with roadsides and gardens’ perimeter within the boundaries of the urban zones 
(Fig. 1). Given coastal drift is persistent alongshore the study system by predominantly westerly winds (Aguilera et al., 2018), rural 
wetlands could be the recipient of different materials (organic, inorganic) drifted from urban sources including anthropogenic litter 
and alien species (see Thiel and Fraser, 2016; Thiel and Gutow, 2005 for reviews). Inter-city roads or highways intersect the natural 
urban and rural habitats (gray arrows in Fig. 1) and may serve as conduits for the spread of non-native species even beyond the limits of 
the city (e.g. Milton et al., 2015; Turner et al., 2021). 

Given the high tolerance to dry and salty environments of S. portulacastrum, this species is promoted for revegetation in urban 

Fig. 2. Map of the study region located in the coastal fringe of the Atacama Desert in northern Chile (18–23◦S). The red and blue arrows show the 
location of the study cities (with roadsides and gardens) and natural (rural, urban) wetlands (estuaries and crypto-wetlands), respectively. The 
yellow line shows the country limits (Image from Google Earth v.2022). 
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settings at tropical latitudes (e.g. Meetam et al., 2020) but can invade rapidly both natural and highly disturbed habitats (Lonard and 
Judd, 1997). Thus, there is expected a higher abundance or dominance of this species in roadsides and gardens, and in rural wetlands, 
with negative spatial association (e.g., by direct interference) with other non-native and/or native species at local scales (e.g., 
roadsides patches). 

2. Material and methods 

2.1. Description of urban and rural study sites 

The study was conducted in four coastal cities, located in the coastal fringe of the Atacama Desert (i.e., from 18◦S to 23◦S) (Fig. 2). 
Five rural and one periurban estuary were included in the sampling together with two rural and seven urban crypto-wetlands present 
in the latitudinal range considered (Fig. 2). The four study coastal cities have different population (Arica, 18◦S; ~ 250,000 inhab.; 
Iquique: 20◦S; ~ 227,000 inhab.; Tocopilla: 22◦S; ~ 25,000 inhab.; Antofagasta: 23◦S; ~ 450,000 inhab.) (INE, 2019), and charac
terizes by host large private or state seaports (see Fig. 1). Arica, Iquique, and to a lesser extent Antofagasta, are important touristic 
cities which increase their local population during the holidays, with inter-city roads increasing the traffic during these seasons 
(SERNATUR, 2019). Most cities are increasing their investment in coastal infrastructures, with road verges, parks, gardens, and 
associated roads and walkways, being the most important ones (MOP, 2022). Rural, urban and periurban estuaries can increase 
considerably the water influx from rivers during the rainy season of the ‘Andes Altiplano’ (i.e. late spring-summer) (e.g. Sepúlveda 
et al., 2014). Crypto-wetlands correspond to upwelling waters of underground springs (called ‘aguadas costeras’) characterized by wet 
and salty soil that can create wet areas or small lagoons in the supralittoral fringe (i.e., above the high tide line). 

2.2. Non-native clonal succulent plant occurrences/abundances across latitudes 

We surveyed succulent plant species occurrences (presence/absence) in urban and natural habitats in four cities and corresponding 
rural areas from 18◦S to 23◦S, located in the coastal fringe of the Atacama Desert (Table S1 in Appendix A). In order to generate a 
standardized measure of frequency at each sampling locality, we recorded non-native succulent plant species presence/absence along 
100 m long × 2 m wide strips (sampling plots) of roadsides, gardens, constructed dune mounds, and wetlands located within 500 m of 
the high tide line (i.e., including the coastal fringe; de Andrés et al., 2018). Preliminary surveys of roadsides width and length aided to 
set the sampling scale (Fig. S1 in Appendix A). Then, four or 7 ‘sites’ distributed across the complete coastal boundaries of urban zones 
were considered for sampling the different habitat types (see Fig. S2). Sites were separated about 300 m in the urban and rural zones. 
At each site, and at the different habitat types, we deployed randomly 3 100 m long × 2 m wide plots, and at each plot, we recorded the 
presence/absence of the study plant species (see sampling details in Fig. S3 in Appendix A). Habitats were classified as ‘built’ (e.g., 
roadsides) or ‘natural’ (e.g., wetlands). At estuaries and crypto-wetlands (urban or rural), sampling plots were deployed on the verges 
of watercourses (Fig. S3), and due to the lower total area of some crypto-wetlands (e.g., ranging from 616 m2 to 7047 m2 approx.) only 
two sites or zones were considered for sampling in these habitats. Dune mounds (built habitat) were present in only one locality at 
18◦S, and also two zones were sampled in this habitat as indicated before. 

This specific sampling protocol also aided to examine the presence of native plant species, and to explore heterospecific plant 
associations in the different urban habitats sampled. Field measurements were made from September 2021 to January 2023. 

Concurrently with our field samplings, we explored the potential effects of distance to urban ‘sources’ (roadsides, gardens) on non- 
native succulent plant species occurrences in the specific rural and urban wetland patches. To this end, we measured the Euclidian 
distance of each rural and urban wetland to the nearest recorded habitat patch of roadsides or gardens with presence of the study plant 
species (see above). We used tools of Google Earth Pro v.2022 for distance measurements. 

At the different localities where S. portulacastrum was recorded, we measured the total area covered by this species in roadsides, 
gardens, wetlands, and dune mounds. In this sampling, we considered the complete coastal boundaries of the study cities and rural 
habitats. Commonly, S. portulacastrum formed mono-stands with no other plant species in the middle of the patches. Thus, after we 
identified the different patches of S. portulacastrum, we proceeded to estimate in situ the perimeter of each plant stand with the aid of a 
measuring tape. For this case, we assume that plant stands of S. portulacastrum had either a hexagonal or squared-rectangular shape (for 
irregular or regular patches, respectively), and we conducted six to four linear measurements per plant stand (Fig. S3 in Appendix A). 
With this information, and also the measurement of the distance from the sides to the center of the plant patch i.e., the apothem of the 
hexagonal shape, we calculated the plant patch area A as follows: A = p ∗ ap/2, where p is the perimeter of each plant stand and ap is 
the apothem. For plant patches with more rectangular or squared shapes (mainly at roadsides and gardens), the area was estimated as; 
A = l ∗ w, where l is the side, and w corresponds to the width of each patch. Then, the proportion of area covered for S. portulacastrum at 
each habitat patch (i), was then calculated based on the area of each specific habitat patch HA, in which the species was recorded i.e., 
P_Sesuvium(i) = [(A)(i)/(HA)(i)]. This specific sampling was conducted from January 2022 to January 2023. 

We also explored if the introduction/establishment of S. portulacastrum in natural and constructed habitats was recent (i.e., from 
2015 to 2022) by visualizing the area covered by this species in constructed dune mounds located in urban areas at 18◦S and in a rural 
crypto-wetland located at ~ 20◦S. We used Google Earth Pro v.2022 for visualization and polygon construction for area estimations 
(habitat patch extent and plant cover), using images available from 2004 to 2022 (i.e., three dates per year). We were not able to 
conduct these analyses for roadsides or gardens given the low image resolution of plant species at the scale of these habitat types. 

A recent taxonomic study indicates that only the species Sesuvium sessile and S. americanus were present in Chile at the subtropical 
locality of Arica (i.e., 18◦S; Minué and Jocou, 2021). However, all specimens collected/sampled in this study corresponded to 
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S. portulacastrum based on main taxonomic traits (e.g., flower pedicel > 3 mm; Taylor, 1993, Minué and Jocou, 2021, Sukhorukov 
et al., 2021). 

2.3. Coastal roadsides and gardens extent 

We estimated the perimeter of all roadsides and gardens located within 500 m of the high tide line in the different study cities 
considered. First, we identify the different roadsides and gardens located at the different study sites. Ground-level imagery from Google 
Street View allowed a preliminary visualization of paved roads, verges, and gardens (Phillips et al., 2021). Field visits to the different 
localities aided in the identification and delimitation of the different roadsides and coastal gardens’ strips. Measurement of roadsides 
and gardens perimeters were made by polygon construction with the aid of the software Google Earth Pro v.2022. We considered urban 
roadsides (see Fig. S2) as all those vegetated soil strips or verges, managed or not, located immediately at neighboring sides or center of 
road lanes (Forman and Alexander, 1998; Milton et al., 2015; Phillips et al., 2021). Only coastal gardens with public access (e.g., parks, 
squares, etc.) were considered in the analyzes (Fig. S2). 

2.4. Statistical analyses 

Differences in non-native clonal succulent plant species presence/absence at different latitudes, and effects of distances from urban 
sources and roadsides and gardens perimeter on plant occurrences were assessed by means of Generalized Linear Mixed Models 
(GLMM). In these analyzes, we considered plant species identity and ‘habitat type’ categories (built, natural), ‘distance to urban 
sources’, and ‘habitat perimeter’ as the fixed factors, respectively. We included ‘latitude’ as random factor in all models using a 
Binomial distribution (with logit link function) (Zuur et al., 2009). In particular, random effects in this case helped to take into account 
latitude-specific associations and also take into account potential lack of independence among samples from a same site/latitude 
(Venables and Ripley, 2002). Differences in the S. portulacastrum area covered in different habitat patches (i.e., proportion of habitat 
covered) were assessed using a quasi-Binomial GLM which also allowed to take into account overdispersion of our data sets (Zuur et al., 
2009). Given S. portulacastrum was only present in 3 urban zones and 2 wetlands, no effect of latitude was considered in this case. 
Analyses were performed with the ‘glmer’ and ‘glm’ function in the ‘lme4’ library in R (R Development Core Team, 2021). 

Spatial association (local-scale) of the different non-native succulent plant species, and with native species i.e., Heliotropium 
curassavicum, recorded at urban and natural habitats, were assessed with Kendall’s tau correlation (Legendre, 2005). This method, 
based on ordinal association, helped to examine whether plant species were correlated over space at different habitats like roadsides 
and gardens. In order to increase the power of the test, we pooled the data (i.e., presence/absence) recorded in roadsides and gardens at 
all the studied localities for analysis (Gotelli and Ellison, 2004). 

Fig. 3. Left: Average (± SE) of non-native clonal succulent plant species occurrences (i.e., presence in 100 m × 2 m strips) recorded in urban and 
rural habitats in the coastal fringe of the Atacama Desert. Right: pictures depicting the different species; species order from top-left to bottom-left, 
clockwise: Sesuvium portulacastrum, Carpobrotus edulis, Malephora crocea, and Mesembryanthemum × vascosilvae. 

M.A. Aguilera et al.                                                                                                                                                                                                   



Global Ecology and Conservation 46 (2023) e02637

6

3. Results 

3.1. Non-native clonal succulent species occurrences in urban and rural natural habitats 

Four non-native clonal succulent species were frequently planted for the greening of coastal roadsides and gardens from 18◦S to 
23◦S, in northern Chile: Sesuvium portulacastrum, Carpobrotus edulis, Malephora crocea, and the hybrid nothospecies Mesembryanthemum 
(Aptenia) × vascosilvae. We found variable occurrences (i.e., presences at 100 m × 2 m strips) of the four non-native succulent species 
with large occurrences at the roadsides, gardens, and to a lesser extent urban and rural wetland surveyed across the range considered 
(Fig. 3). Thus, significant differences in contribution to species occurrences in the linear model for natural and built habitat categories 
were recorded (Table S2 in Appendix A). In particular, S. portulacastrum had larger averaged (across latitudes) occurrences at most 
habitats surveyed from 18◦S to 22◦S, including one rural estuary and a crypto-wetland (Fig. 3), followed by M. crocea which was also 

Fig. 4. (a) Boxplots of roadsides and gardens perimeter (m) present across different latitudes (i.e., reference latitude; ◦S), present in urban zones in 
the coastal fringe of the Atacama Desert (i.e., 500 m from the high tide line). Generalized Linear Mixed Model (GLMM; ‘latitude’ as random factor) 
relationships of (b) non-native succulent plant occurrences with roadsides (red) and gardens (light green) extent, and (c) occurrences in natural 
estuaries and crypto-wetlands with distance to urban areas. In (a) the black line in each box represents the median, and the boxes define the hinge 
(25, 75 % quartiles, the line is 1.5 times the hinge). Points outside the interval (outliers) are represented as dots. Envelopes in b) and c) correspond 
to the confidence intervals (95 % CI). 

Table 1 
Summary of Generalized Linear Mixed Model (GLMM) analyses on the effects of perimeter (m) of built urban habitats (roadsides and gardens) and of 
distance (km) to ‘urban sources’ of natural habitats (i.e., crypto-wetlands and estuaries), on non-native succulent species occurrences (presence/ 
absence). ‘Latitude’ was considered the random factor in each model. Marginal (fixed effect alone), and conditional (both fixed and random factor 
effects) R-squared are presented. Significant (α = 0.05) P-values are indicated in bold.  

Occurrences at urban habitats Occurrences at natural habitats 

Predictors Ratios Error CI z p Ratios Error CI z p 

(Intercept) 0.66  0.40 0.20–2.14  -0.70  0.484 0.75  0.60 0.16–3.61  -0.36  0.718 
Habitat [Roadsides] 1.78  0.76 0.77–4.12  1.35  0.176         
Perimeter (m) 1.00  0.00 1.00–1.00  2.39  0.017         
Distance (km)         0.96  0.02 0.93–1.00  -2.10  0.036 
Random Effects 
σ2 3.29        3.29        
τ 00 1.99lat        1.49lat        

ICC 0.38        0.31        
N 7lat        7lat        

Observations 199        148        
Marginal R2/Conditional R2 0.08/0.43        0.40/0.59         
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frequent at roadsides and gardens. The presence of M. × vascosilvae was larger in gardens and roadsides but only at 22◦S (Fig. 3), and 
lower occurrences were also recorded for C. edulis at most study sites surveyed but with an important presence in coastal gardens at 
18◦S and 23◦S (Fig. 3). Thus, the last two species contributed less to the linear model compared with the formers, with a significant 
effect of ‘latitude’ (‘random factor’) on the model performance (i.e., high ‘Conditional’ R2; Table S2). 

3.2. Effects of coastal roadsides and gardens perimeter and habitat distance patterns on plant occurrences 

In total, we surveyed 36.9 km and 13.8 km of urban vegetated roadsides and gardens, respectively, at the four study latitudes 
(Fig. 4a). In particular, the median value of roadsides perimeter was larger at 18◦S (800 m) and lower at 22◦S (88 m) (Fig. 4a). At 23◦S, 
median values of coastal gardens perimeter were larger than the other ones (i.e., 392 m) (Fig. 4a). 

The occurrences of non-native succulent species increased significantly with the perimeter of roadsides and gardens (Fig. 4b,  
Table 1), but no differences in the contribution to this pattern by any of these habitats were recorded in the model (Table 1). Also, we 
found that occurrences of non-native clonal succulent plant species in rural estuaries and crypto-wetlands had a significant reduction 
with distance to urban zones in which the species were recorded (Fig. 4c, Table 1). A significant effect of ‘latitude’ (‘random factor’) on 
the models’ performance was also recorded (i.e., high ‘Conditional’ R2; Table 1). 

3.3. Spatial association of non-native succulent plant species at urban settings 

We found non-native clonal succulent species association at roadsides and gardens was variable. Significant and positive spatial 
association at roadsides and gardens was detected for S. portulacastrum with M. crocea (Kendall’s tau = + 0.55, P < 0.0001), and 
despite a negative association was observed with C. edulis, this pattern was not significant (tau = − 0.066; P = 0.549). Instead, the last 
species had a positive and significant association with M. x vascosilvae at gardens (tau = + 0.312; P = 0.005). Mesem
bryanthemum × vascosilvae had also a positive and significant association with M. crocea at the same built habitat (tau = + 0.221; 
P = 0.043). 

The species Heliotropium curassavicum (Boraginaceae) was the only native species recorded at roadsides and gardens at the different 
latitudes considered. This species was not planted and had a very patchy distribution across the studied range (mean occurrences: 
Roadsides = 0.523 ± 0.076; Gardens = 0.333 ± 0.079; ‘Crypto-wetlands’ (urban): 0.50 ± 0.151). It was detected a positive and 
significant association of S. portulacastrum and M. crocea with the native species at roadsides and gardens (S. portulacastrum-H. 
curassavicum: Kendall’s tau = + 0.278; P = 0.009; M. crocea-H. curassavicum: tau = + 0.215; P = 0.045). Also, C. edulis had a positive 
association with H. curassavicum but this pattern was not significant (tau = + 0.007; P = 0.948). On the other side, M. × vascosilvae 
had a negative but non-significant association with the native species (tau = − 0.064; P = 0.549). 

3.4. S. portulacastrum cover and temporal patterns in urban and natural habitats 

A significantly higher proportional area covered by S. portulacastrum on constructed (urban) dune mounds was found compared 
with roadsides, gardens, and rural wetlands (Fig. 5a, Table S3 in Appendix A). Thus, non-significant differences in the contribution to 
S. portulacastrum cover were detected for wetlands, gardens, or roadsides (Table S3). We detected that S. portulacastrum established in 

Fig. 5. (a) Sesuvium portulacastrum averaged percentage cover (± SE) estimated in the field at different urban and natural habitats from 18◦S to 23◦S 
alongshore the coastal fringe of the Atacama Desert, and (b) averaged (± SE) plant cover (i.e., total area) estimated via satellite images with Google 
Earth Pro v.2022, in constructed dune mounds (urban; ~ 18◦S, yellow line) and in a crypto-wetland (rural; at 20◦S, magenta line). 
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the constructed dune mounds (at ~ 18◦S) in 2009, while in a rural crypto-wetland located at ~ 20◦S (i.e., 25 km from an urban source) 
this species established in 2017 (Fig. 5b). In January 2023, S. portulacastrum covered about 812 m2 in the rural crypto-wetland and was 
on average 14.54 m (± 3.56 m) from the high tide mark in the supralittoral zone. 

4. Discussion 

We found the occurrences of non-native succulent species were variable at the different natural and built habitat surveyed across 
the coastal range considered. Higher dominance of Sesuvium portulacastrum was recorded in urban roadsides and constructed urban 
dune mounds, but also in a rural crypto-wetland adjacent to an urban center. The latitudinal expansion of this species seems recent, 
related to the planting in expanding/upgraded coastal infrastructures like roadsides and gardens in the different coastal cities 
considered. In the same line, Carpobrotus edulis and the cultivar Mesembryanthemum × vascosilvae (a hybrid of M. cordifolium × M. 
haeckelianum) (Smith et al., 2020) were recorded in rural and urban crypto-wetlands, respectively, although at much lower extent 
compared with S. portulacastrum. 

Our study showed that the coastal landscape configuration (distance patterns from urban to natural habitats) and composition 
(habitat types and extent) seems critical to predicting invasive plant species’ persistence and propagation in the study system (Fig. 1). 
These large-scale factors have been previously recognized as the main drivers of invasive species expansion in other systems (e.g., 
Urban-agricultural: Boscutti et al., 2022; Dune fields: Malavasi et al., 2014). Thus, our results suggest an effective expansion of 
non-native clonal succulent species from urban habitats, and support the evidence that constructed urban habitats can serve as po
tential conduits for the dispersal of non-native species to natural ecosystems (e.g., McDougall et al., 2018; Milton and Dean, 2010; 
Pauchard et al., 2016; Turner et al., 2021). Thus, the expansion of non-native succulent species alongshore the coastal fringe of the 
Atacama Desert represents a challenge for the greening of coastal cities and the conservation of remnant habitats. 

4.1. Greening of roadsides and gardens with non-native clonal succulent species 

In general, cultivated species in gardens or roadsides are selected based on their specific traits (e.g., resistance to drought), or 
esthetic value (e.g., flower showiness) (Kendal et al., 2012; Cavender-Bares et al., 2020; Phillips et al., 2020). 

All non-native clonal succulent species recorded in our study were planted for ornamental purposes and were frequent at roadsides 
and gardens except C. edulis. This pattern contrasts with the large coverage recorded for this invasive species in urban coastal dune 
fields in the semi-arid coast of north-central Chile (~ 29◦S) (Aguilera et al., 2022). In particular, among the different non-native 
succulent species recorded, S. portulacastrum is gaining success in coastal urban habitats at subtropical latitudes, and its high recov
ery potential (Spiller et al., 2016) and tolerance to drought and salty conditions (Meetam et al., 2020) make it potentially very 
persistent in arid environments. Together with M. crocea, S. portulacastrum was highly frequent at roadsides and gardens (i.e., 
commonly from 5 % to 20 % of the area of the entire habitat) from 18◦S to 22◦S, and their absence in the coastal fringe at ~ 23◦S may 
be related solely to that urban management plans that do not still consider the planting of these species for coastal landscaping. Thus, 
coastal greening plans of local authorities could be critical to driving the overrepresentation of non-native species in urban zones 
(Niinemets and Peñuelas, 2008). Further management strategies are required in this context to advice the inclusion/control of 
non-native clonal succulent species in coastal urban areas. 

Despite most non-native clonal succulent plants studied being resistant to drought or salty conditions of the coast (Lonard and Judd, 
1997; Roiloa, 2019), they might be most likely to persist in harsh environments like roadsides when their recipient habitat is frequently 
managed as many forbs and grasses do (e.g., Forman et al., 2003). In our study, large roadsides tended to be more frequently irrigated 
and mowed than smaller ones and we found larger occurrences of non-native succulents on them. This suggests that in coastal arid 
zones, large-size habitats with frequent irrigation can successfully sustain non-native local populations facilitating their ‘naturaliza
tion’ and further expansion (Pyšek et al., 2004; Štajerová et al., 2017). 

4.2. Urban zones as a source for non-native clonal succulent plant expansion to rural habitats 

Human-mediated dispersion by planting for ornamental purposes is common in different plant species worldwide and is increasing 
in arid and semi-arid systems (Bradley et al., 2012). Our results suggest occurrences of non-native clonal succulent plant species in 
coastal rural natural habitats decrease with distance to urban sources. The high abundances of S. portulacastrum, and to a lesser extent 
C. edulis, in a rural crypto-wetland located at ~ 20◦S suggest an effective expansion from urban habitats. It is not clear how 
S. portulacastrum or C. edulis were established in this crypto-wetland which is located nearby urban sources i.e., ~ 25 km. Did these 
species spread to this habitat naturally from nearby urban areas, or were they directly planted there? This opens questions about 
‘naturalization’ and the mechanisms, or ‘conduits’, of expansion of these species from urban areas through the arid matrix (Gaertner 
et al., 2017). Different hypotheses could be considered in this context based on the urban-rural shorescape structure of our study 
system (see Fig. 1). First, stolons and/or ramets of these non-native clonal succulent species might well have been transported from 
nearby coastal cities by currents (e.g., C. edulis; Souza-Alonso et al., 2020), similar to long-distance transport documented for many 
coastal organisms (Thiel and Fraser, 2016; Thiel and Gutow, 2005), with the potential to maintain photosynthetic ability and to 
develop adventitious roots (Souza-Alonso et al., 2020). Indeed, given its buoyancy and resistance to immersion in seawater, it is 
expected C. edulis, as well as other clonal succulent plant species, can be transported for long distances away from sources (i.e., 
~ 250 km; Souza-Alonso et al., 2020). We recorded that S. portulacastrum was established recently (i.e., 2017) in the rural 
crypto-wetland, but established early (i.e., 2004) in constructed dune mounds further north at 18◦S. In this context, an important 

M.A. Aguilera et al.                                                                                                                                                                                                   



Global Ecology and Conservation 46 (2023) e02637

9

tsunami hit the region in 2014 associated with an 8.1 Mw earthquake (Ruiz et al., 2014) which could have aided in the transportation 
of different materials, including litter and organisms, from urban zones (Carlton et al., 2017). This process could be reinforced when 
stolons or ramets of plants are removed from roadsides and gardens and thrown directly into the sea or accumulated close to beaches 
(Author’s personal observations). Secondly, the rural crypto-wetland is located close to a fishing village and a coastal inter-city road, and 
camping activities are common there during the summer. Thus, S. portulacastrum and C. edulis could have been brought from urban 
areas and planted directly in this wetland. However, these complementary hypotheses need further examination. 

4.3. Spatial associations in urban habitats 

It is expected that plant interspecific competition (e.g., by light, moisture, and nutrients) can be important mechanism of species 
abundances and persistence even in managed urban habitats (e.g. Kowarik, 2008; Williams et al., 2015). We recorded positive spatial 
association for S. portulacastrum with M. crocea, and for C. edulis with M. × vascosilvae at roadsides and gardens and likely this spatial 
patterns could be facilitated by the frequent management or disturbance of these habitats (Knapp et al., 2009). It is not clear, however, 
if facilitation among non-native clonal succulent plant species could occur in these built habitats which could have important con
sequences for their ‘invasibility’ potential (Cavieres, 2021). Positive spatial association was detected for the native plant Heliotropium 
curassavicum with the non-native clonal succulent species on roadsides and gardens, except with M. × vascosilvae. In this context, 
direct or indirect (e.g. allelopathy) competition with non-native species could be inferred by their similar habitat use, absence of 
consumer species, and patchy soil moisture of the built habitats (e.g., Ferenc et al., 2021; Vilà and D’Antonio, 1998; Vilà and Weiner, 
2004). However, it has been reported that ‘common’ native plants could persist and even expand in the presence of non-native species 
depending also on the timing of their establishment (Ferenc et al., 2021; Zhang and van Kleunen, 2019). Given H. curassavicum is 
considered a common ‘weed’ with both sexual and vegetative reproduction (Hegazy, 1994), and most plants likely established after the 
planting of non-native succulent species in the roadsides and gardens we surveyed, this may suggest it could be highly tolerant to the 
presence of non-native clonal succulent plants. Further experiments, however, are required to test this hypothesis which could be 
relevant to propose specific management actions and conservation of the native biodiversity in urban zones. 

4.4. Conclusions and implications for conservation and management 

Our study showed that urban greening with non-native succulent plants is facilitating its propagation alongshore the Atacama 
Desert. This allows us to hypothesize that, for example, S. portulacastrum latitudinal expansion will continue to the south, even from the 
subtropical to temperate systems. Although the planting of S. portulacastrum is recent and may contribute positively to urban biodi
versity (e.g. see Kowarik, 2011 for discussion in this context), experimental studies are needed to determine its impacts on native flora 
and the potential for native herbivores to control the established populations (Rodríguez et al., 2022; Spiller et al., 2016). 

Regarding the ornamental services and disservices or impacts that non-native clonal succulent plant species can have in urban and 
rural settings, specific management plans could be proposed in order to reduce species propagation to still pristine natural coastal 
ecosystems in arid environments (Gaertner et al., 2017; Milton et al., 2015; Potgieter et al., 2022) (see Table 2). 

Despite more research is needed especially related to dispersal mechanisms and competitive-facilitative potential of non-native and 
native species in this system, different integrative measures need to be implemented based on control of non-native species planted in 
urban habitats and protection/conservation of the natural ecosystems present in urban and rural zones (see Table 2 for details). These 
measures are critical to improve the cities’ wilderness, halt the loss of native biodiversity, and then build more balanced urban green 
spaces and sustainable cities. 

Table 2 
Main actions for management of urban roadsides and gardens to control non-native species expansion, and conservation of remnant habitats 
biodiversity (e.g., wetlands).  

Main focus Specific actions; management or conservation measures 

Management  1) -The creation of mono-stands with non-native clonal succulent species in roadsides and gardens should be discouraged. If planting 
non-native succulent species is considered necessary, only small patches of these plants should be considered (e.g., 10 % or less of 
roadsides extent) to allow native species (e.g., Heliotropium curassavicum) to establish. 

Management/ 
Conservation  

2) -Coastal urban habitats should include a suite of native species with high tolerance to drought and salty conditions as, for example, 
H. curassavicum and Nolana spp., which can also provide ornamental services (e.g. showy flowers, pollinator attraction) (Riedeman 
et al., 2016) and could improve urban biodiversity and city ‘wilderness’ (Kowarik, 2018). 

-Patches of native and non-native plants could be planted interspersed to reduce species dominance. 
Management  3) -Control the disposal of plants or organic wastes when upgrading city roadsides or gardens, reducing their potential to enter to the 

sea. 
Management/ 

Conservation  
4) -Urban greening plans (e.g., city roadsides and gardens) could be shared with local citizens (Weber et al., 2014), to improve 

environmental education about the hazards of planting non-native species for remnant habitats (e.g., wetlands, dunes). Thus, a more 
balanced, and controlled, incorporation of these non-native succulent species should be considered. 

Conservation/ 
Management  

5) -The inclusion of non-native species could be completely discouraged when focal urban habitats are neighbors to remnant habitats (e. 
g. Milton et al., 2015). 

Conservation  6) -Special attention should be paid to urban and rural crypto-wetlands, which are ‘coastal shelters’ for the conservation of the native 
biodiversity in arid systems like the Atacama Desert (e.g. Pizarro-Araya et al., 2022), and can be also ‘recipient’ of non-native species 
expansion (this study) and are under strong pressure from neighbor urban activities (e.g. road traffic; Forman and Alexander, 1998).  
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Calderón-Seguel, M., Prieto, M., Meseguer-Ruiz, O., Viñales, F., Hidalgo, P., Esper, E., 2021. Mining, urban growth, and agrarian changes in the atacama desert: the 
case of the Calama Oasis in northern Chile. Land 10, 1–21. https://doi.org/10.3390/land10111262. 

Campoy, J.G., Acosta, A.T.R., Affre, L., Barreiro, R., Brundu, G., Buisson, E., González, L., Lema, M., Novoa, A., Retuerto, R., Roiloa, S.R., Fagúndez, J., 2018. 
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Pyšek, P., Chocholoušková, Z., Pyšek, A., Jarošík, V., Chytrý, M., Tichý, L., 2004. Trends in species diversity and composition of urban vegetation over three decades. 
J. Veg. Sci. 15, 781–788. https://doi.org/10.1111/j.1654-1103.2004.tb02321.x. 
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